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While the capability of nanoscale zero-valent iron (NZVI) to dechlorinate organic compounds
in aqueous solutions has been demonstrated, the ability of NZVI to remove dense non-aqueous
phase liquid (DNAPL) from source zones under flow-through conditions similar to a field scale
application has not yet been thoroughly investigated. To gain insight on simultaneous DNAPL
dissolution and NZVI-mediated dechlorination reactions after direct placement of NZVI into a
DNAPL source zone, a combined experimental and modeling study was performed. First, a
DNAPL tetrachloroethene (PCE) source zone with emplaced NZVI was built inside a small cus-
tom-made flow cell and the effluent PCE and dechlorination byproducts were monitored over
time. Second, a model for rate-limited DNAPL dissolution and NZVI-mediated dechlorination of
PCE to its three main reaction byproducts with a possibility for partitioning of these bypro-
ducts back into the DNAPL was formulated. The coupled processes occurring in the flow cell
were simulated and analyzed using a detailed three-dimensional numerical model. It was
found that subsurface emplacement of NZVI did not markedly accelerate DNAPL dissolution
or the DNAPL mass-depletion rate, when NZVI at a particle concentration of 10 g/L was directly
emplaced in the DNAPL source zone. To react with NZVI the DNAPL PCE must first dissolve into
the groundwater and the rate of dissolution controls the longevity of the DNAPL source. The
modeling study further indicated that faster reacting particles would decrease aqueous con-
taminant concentrations but there is a limit to how much the mass removal rate can be in-
creased by increasing the dechlorination reaction rate. To ensure reduction of aqueous
contaminant concentrations, remediation of DNAPL contaminants with NZVI should include
emplacement in a capture zone down-gradient of the DNAPL source.

© 2011 Elsevier B.V. All rights reserved.
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1. Introduction

Dense non-aqueous phase liquid (DNAPL) source zones are
long term sources of ground water contamination that cannot
be treated effectively using passive remediation technologies

such as pump-and-treat and permeable reactive barriers
(ITRC, 2002; O'Carroll, 2008). Delivering reactive nanoscale
zerovalent iron (NZVI) particles in situ to reductively de-
chlorinate entrapped DNAPL has been expected to provide
DNAPLmass reduction and provide residual treatment capacity
to mitigate mass flux from diffusion-controlled low permeabil-
ity zones (Bennett et al., 2010; Berge and Ramsburg, 2009;
Henn and Waddill, 2006; O'Carroll, 2008; Phenrat et al.,
2009a, 2009b, 2009c, 2010; Tratnyek and Johnson, 2006).
Field experiments have shown that in-situ injection of
NZVI may constitute an attractive remediation technique
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for contaminated soil and groundwater (Elliott and Zhang,
2001; Quinn et al., 2005; Bennett et al., 2010; Henn and
Waddill, 2006). Several laboratory studies using batch reactors
have confirmed that NZVI is superior to its counterpart bulk ZVI
for degradation of dissolved chlorinated organics such as tri-
chloroethylene (TCE) and perchloroethylene (PCE) due to the
large specific surface area of nanoparticles. The general pathways
and kinetics of dehalogenation by Fe0 nanoparticles have been
described by Liu et al. (2005). The reactivity of NZVI may be fur-
ther enhanced by adding a catalyst metal such as Pd (Lien and
Zhang, 2007; Yan et al., 2010; Zhang et al., 1998) and the mobil-
ity in-situ may be enhanced by surface coatings (Saleh et al.,
2005 — Fe0 particles; He et al., 2007 — bimetallic particles) or
emulsions (Berge and Ramsburg, 2009).

While reactivity under different aqueous chemistries and
with various NZVI to contaminant ratios has been investigated
in closed batch reactors (Liu and Lowry, 2006; Liu et al., 2007;
Phenrat et al., 2009b), only limited investigations under con-
trolled laboratory conditions on the reactivity of NZVI inside
porous media with groundwater flow (e.g. Kim, 2009; Taghavy
et al., 2010) have been undertaken. In addition, the behavior of
NZVI in the subsurface and its direct interactions with DNAPL
sources are still poorly understood. Improved understanding
based on careful experimentation at all relevant scales of inter-
est is necessary for the design of cost-effective in situ DNAPL
source zone remediation using NZVI.

As the exact location of entrapment will not be known at
field sites, to address the question of whether NZVI can be
used to efficiently remediate DNAPL source zones, it is neces-
sary to understand how the NZVI interacts with the DNAPL
and its dissolved components in the vicinity of the source. As a
first step in a multi-scale investigation, we first conducted ex-
periments in a small (15 mL) flow cell, where emplaced NZVI
particles were allowed to react and interact with a PCE DNAPL
pool, while steady groundwater flow was maintained through
the flow cell. Experiments were conducted at two different
groundwater flow velocities using reactive nanoscale iron parti-
cles (RNIP), a commercially available NZVI manufactured by
Toda Kogyo Corp., Japan. Second, we developed a detailed
model of the three-dimensional flow cell to further analyze
the experimental results and their implications for the reactive
processes in the DNAPL source zone. The model was developed
within the framework of a finite difference groundwater flow
code; MODFLOW-2000 (Harbaugh et al., 2000), and the reac-
tion module RT3D (Clement, 1997), which is an extension of
the transport codeMT3DMS (Zheng andWang, 1999) allowing
addition of user-specific code describing the reactive processes.
Herewe implemented a Gilland–Sherwood typemodel of rate-
limited DNAPL dissolution (Saba and Illangasekare, 2000;
Saenton and Illangasekare, 2007) coupled to a first order
model for NZVI-mediated degradation of PCE producing the
three main reaction byproducts acetylene, ethene and ethane.
An extension to this model which allows partitioning of the re-
action products into the DNAPL was also developed.

A joint analysis of experimental and modeling results
allowed a detailed analysis of the different processes occurring
when NZVI was emplaced in a DNAPL source zone. The model-
ing allowed testing of the relative importance of the different
processes (dechlorination reactions, mass-transfer and parti-
tioning) as these could be turned on or off in the model and
thereby be studied both occurring simultaneously and in

isolation. In summary, with the ultimate goal of understanding
much more complex field settings, the objectives of this study
were to generate experimental data in small physical model of
a DNAPL source undergoing remediation by NZVI, develop
modeling tools for this system, and analyze the simultaneously
occurring DNAPL dissolution and PCE dechlorination processes.

2. Experimental methods and materials

2.1. Nanoscale zero-valent iron (NZVI)

The NZVI used were RNIP (reactive nanoscale iron particles)
obtained from Toda Kogyo Corp., Onoda, Japan. The particles
were shipped and stored in water at pH 10.6 but before use
they were dried in water under vacuum. The Fe0 content of the
particles was 22% by weight as measured from H2 formation
during acid digestion of the particles and the specific surface
area was approximately 15 m2 g−1 as previously measured by
N2 adsorption and BET theory (Liu et al., 2005). Further details
on the physical and chemical properties of these particles have
also been reported by Liu et al. (2005).

2.2. Batch reactivity study and GC methods

The reactivity of RNIPwith PCEwas firstmeasured using ex-
periments in batch reactors. Dry RNIP powder was mixed with
de-aired water containing 5 mM NaHCO3 to provide a 10 g/L
RNIP concentration. Reactors were prepared in 60 mL Serum
bottles, with 50% aqueous solution and 50% headspace, and
capped with gastight Teflon Mininert valves. The reactors
were left in an anaerobic chamber for 2 days to allow initially
formed H2 to degas. Then PCE (99% grade, Sigma-Aldrich) was
added and the concentrations of PCE and its reaction bypro-
ducts were monitored over time by taking headspace samples
and directly analyzing them on a HP-6890 gas chromatograph
with a HP-PLOT/Q 30m×0.53 mm column and flame ioniza-
tion detector (FID). Samples were injected splitless at 250 °C
with oven temperature 50 °C for 2 min then ramping
40 °C/min to 220 °C and holding for 9 min. This method was
modified from Liu et al. (2005) and provides adequate separa-
tion between PCE and reaction byproducts. The method was
calibrated for PCE (99% grade, Sigma-Aldrich), trichloroethene
(TCE) (99% grade, Sigma-Aldrich), 1-1-dichloroethene (DCE)
(US-EPA, 1000 mg/L standard in methanol), cis-1-2-DCE (US-
EPA, 5000mg/L standard in methanol), and trans-1-2-DCE
(US-EPA, 5000 mg/L standard in methanol), as well as for the
following gases (all Matheson Portable Gas Standards
(MicroMat 10 and 14) purchased from Alltech): vinyl chloride
(VC) (10 ppm in nitrogen), ethane (100 ppm and 1000 ppm
in helium), ethene (100 ppm and 1000 ppm in helium), acety-
lene (100 ppm and 1000 ppm in helium), C4 hydrocarbons
(15 ppm each in nitrogen). Liquid standards were prepared in
120 mL Serum bottles, with 50% aqueous solution and 50%
headspace, capped with gastight Teflon Mininert valves. These
were prepared by diluting a multi-component stock solution
andwere chosen to cover the range of concentrations observed
in the batch reactors and flow-cell samples (the latter described
in more detail below). Calibration of gas concentrations over
the relevant ranges was done by injecting different volumes of
the Matheson MicroMat gas standards (listed above), thus
obtaining calibration curves for a known injected mass.
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2.3. Experiments in flow cells

The physical model used in this study was a custom made
glass flow cell that has previously been used in similar studies
to investigate effect of bio-activity in DNAPL source zones
(Glover et al., 2007). The flow cell had a total volume of
15 mL and is shown pictorially and schematically in Fig. 1.
The flow cell was carefully packed inside an anaerobic cham-
ber, creating a two-zone system where a DNAPL pool could
be trapped by a capillary barrier between the coarser and
finer materials (this entrapment configuration mimics a
DNAPL pool formed at a texture interface in field systems).
The lower part of the flow cell (1/3 of its height) was packed
with a coarse sand (Unimin # 16; sieve size 1.18 mm) and
the upper part (2/3 of the height), as well as the narrow inflow
and outflow sections, were packed with a medium-grained
sand (Unimin # 50; sieve size 0.3 mm). The details of proper-
ties of the sands will be presented under Section 3.1, below.

The flow cells were wet-packed, i.e. adding first the pore
water and then the sands to eliminate trapped gas. The
pore water was a 10 g/L RNIP solution prepared in the same
way as for the batch experiments described above. It should
be noted that when water was later on allowed to flow
through the flow cell it carried no NZVI with it, indicating
that all the NZVI was sorbed or deposited on the sand grains.
The amount of NZVI emplaced per unit pore space was hence
10 g/L which for the average porosity of 0.365 corresponds to
2.2 g NZVI per kg dry medium. In this way RNIP was
emplaced uniformly in the cell from the beginning of the
experiments.

To create a horizontally uniform DNAPL distribution of inter-
mediate saturation in the coarse sand layer, injection to a high
saturation (spreading the DNAPL everywhere in the coarse
layer) followed by withdrawal was employed. First 0.93 mL of
PCE was injected using a syringe pump at a well-controlled,

slow rate, which yielded an average PCE saturation of about
70%, then the pumping was reversed and PCE was withdrawn
until 0.58 mL remained,which constituted a final average satura-
tion of approximately 40%. No RNIPwas observed in the PCE that
was extracted. The PCE was dyed red using Sudan IV, 0.01% by
weight, allowing the pool zone to be observed visually, as seen
in Fig. 1b, showing the flow cell after creating the DNAPL PCE
pool.

A steady flow of de-aired 5 mM NaHCO3 water was estab-
lished through the cells by pumping this water from an air-
free Teflon bag. Experiments were performed at two different
flow velocities. In experiment 1, the controlled flow rate was
0.0864 mL/min and in experiment 2 it was 0.010 mL/min.
While flow velocities vary spatially within the flow cell, these
rates correspond to average particle velocities of 81 cm/day
and 9.4 cm/day, respectively. The faster flow experiment was
run for 10 days and the slower flow experiment for 12 days,
which is a time period during which the reactivity of RNIP
can be expected to be relatively constant, as confirmed by
batch studies. The total volume of water that passed through
the flow cell in experiment 1 was: 0.0864 mL/min×10 -
days=1.2 L or approximately 220 pore volumes, and in exper-
iment 2: 0.17 L or 31 pore volumes. The faster flow rate thus
allows a larger volume of water to be passed through the
source zone within the time period during which the NZVI
maintains stable reactivity. The flow was turned on shortly
after the DNAPL source had been emplaced. The time of turning
on thewater flow is referred to as time zero in the presentation
of the results below. Before this time only very minor dissolu-
tion of PCE is expected because transport away from the
DNAPL water interface is then purely diffusive.

Water samples were collected at the outflow end of the cell,
by switching the effluent water stream to go directly into a
5 mL gastight glass syringe and collecting a 1 mL effluent
water sample. The syringe was then disconnected, 1 mL of air

a
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sampling

coarse sand

medium sand

100 mm

coarse sand

medium sand

Fig. 1. Flow cell. (a) Schematic experiment setup. (b) Photograph taken after packing the cell and creating the DNAPL PCE pool (red). (For interpretation of the
references to color in this figure legend, the reader is referred to the web version of this article.)
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was immediately drawn into it, and it was capped using a gas-
tight Teflon septum, thus obtaining 50% aqueous phase and
50% headspace. After quickly shaking the sample by hand and
a rest period of approximately 2 h to obtain phase equilibrium,
the headspace was sampled by inserting a needle through the
septum, drawing 100 μL (10% of the headspace) and injecting
directly into the GC with FID. This method was adopted from
Lowry and Reinhard (2000)who showed that acceptable accu-
racy in themeasured concentrationswas obtained for sampling
a similar portion of headspace (200 μL from a 2.5 mL head-
space, or 8%). The samples were analyzed for PCE and dechlori-
nation byproducts using the same method as described under
Section 2.2, above.

3. Modeling

Numerical models solving mathematical formulations of
the processes occurring in the DNAPL source zone undergo-
ing NZVI remediation were built to provide tools to better
understand these processes, and to analyze the observations
made in the flow cell experiments. The modeling included
three-dimensional groundwater flow through the flow cell,
rate-limited dissolution of DNAPL PCE to the flowing water,
dechlorination of PCE by NZVI forming non-chlorinated
byproducts, and estimation of the partitioning of byproducts
back into the PCE. This section describes the modeling of
these processes as well as the numerical model setup and
the modeling methodology. Different models were used to
study the effects of turning on or off processes such as the de-
chlorination reactions and the partitioning of byproducts to
the DNAPL.

3.1. Groundwater flow

The groundwater flow through the flow cells was modeled
with MODFLOW-2000 (Harbaugh et al., 2000). In the lower
part of the domainwhich contained DNAPL in sand # 16, effec-
tive hydraulic conductivity Kew was calculated as Kew=krwK,
where krw is the aqueous phase relative permeability and K is
the water-saturated hydraulic conductivity. Because the
DNAPL saturation, Sn, varied in the vertical direction, also the
water saturation, Sw=1−Sn, and krw varied in the vertical di-
rection. The vertical DNAPL distribution Sn(z) was calculated
using the van Genuchten (1980) function for the main imbibi-
tion part of the retention cycle:

Sw−Swr
1−Swr−Snr

� �
¼ αiβPcð Þni þ 1

� �−mi : ð1Þ

Here Swr and Snr are the water and NAPL residual saturations,
respectively, and αi, ni, and mi are the air–water van Genuchten
fitting parameters for main imbibition. The van Genuchten

function with independent n and m parameters has been
found to describe capillary behavior of these sands well
(Fagerlund et al., 2008). The material parameters were deter-
mined by Sakaki et al. (2007) and are summarized in Table 1.
β=σgw/σnw is a parameter that scales the fluid retention func-
tions from an air–water reference system (that is typically
measured in the laboratory) to the NAPL−water system of in-
terest; σgw is the air–water interfacial tension in the refer-
ence system and σnw is the NAPL–water interfacial tension.
σgw=72 mN/m and σgw 44.4 mN/m (Mercer and Cohen,
1990). Given the known NAPL volume, the geometry of the
flow cell, the measured porosity (Φ) and hydrostatic conditions
that existed when there is no flow, Sn(z) was determined using
an iterative procedure until Eq. (1)was able to represent the sat-
uration distribution at all computational layers in the model.
Subsequently, krw(Sw) was calculated for each layer at different
elevations (z) in the DNAPL pool using the Brooks and Corey
(1964)–Burdine (1953) equation:

krw ¼ Sw−Swr
1−Swr

� � 3þ2=λð Þ
: ð2Þ

The pore size distribution index λ is given in Table 1. The Kew
values obtained for the DNAPL pool varied between approxi-
mately 0.10 cm/s (bottom layer, z=0) and 0.14 cm/s (top
layer, z=0.006 m).

3.2. Mass-transfer model

Mass transfer between the DNAPL and the aqueous phase
was described by a linear driving force model where the mass
flux Ji (mol m−3 s−1) of a component i from the DNAPL to
the aqueous phase, is proportional to difference between its
aqueous concentration in thermodynamic equilibrium with
the DNAPL (effective aqueous solubility) Ci* (mol m−3) and
its actual concentration Ci (mol m−3) in the aqueous phase
(Miller et al., 1990):

Ji ¼ KLi C�
i −Ci

� �
: ð3Þ

Here KLi (s−1) is the lumped mass-transfer coefficient for
component i over the DNAPL–water interface. KLi is contained
in a modified Sherwood number Sh′=KLi d50

2 Dmi
−1, where d50

is themedian grain size andDmi is themolecular diffusion coef-
ficient in water of component i. Several mass-transfer models
have been developed that relate the Sherwood number to
other dimensionless groups including the Reynolds number
Re, Schmidt number Sc and parameters related to the porous
medium and DNAPL morphology (e.g. Geller and Hunt, 1993;
Illangasekare et al., 2010; Imhoff et al., 1993; Miller et al.,
1990; Powers et al., 1992, 1994). A review of thesemodels sug-
gest that this type of models work well to describe the mass

Table 1
Material properties.

Material K (m s−1) ϕa d50 (m) Swr Snr αi (m−1) ni mi λ

Sand # 16 5.52×10−3 0.454b 9.76×10−4 0.022 0.062 12.86 6.55 0.549 2.66
Sand # 50 1.86×10−4 0.384 3.03×10−4 N/A N/A N/A N/A N/A N/A

a Unless a unit is given, parameters are dimensionless.
b Measured during packing, all other parameters by Sakaki et al. (2007).
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transfer in a given system, but moving from one flow system,
soil type and DNAPL entrapment morphology to another, the
coefficients in the models tend to be somewhat different and
are not universally applicable. To describe the mass transfer
in our particular case as accurately as possible, we therefore
use the same general model but fit the model coefficients to
our experimental system. In the system investigated here,
many parameters remain constant and assuming that changes
in NAPL saturation Sn are negligible during the experiments we
can formulate a correlation on the form Sh′=f(Re, Sci). Here
Sci=μaρa−1Dmi

−1 is the Schmidt number of component i in the
aqueous phase and Re=vaρad50μa−1 is the Reynolds number
for the aqueous phase; μa, ρa and va are the aqueous phase
viscosity, density and mean pore-water velocity, respectively.
Models that could account for changes in NAPL saturation
include the models by Powers et al. (1994) and Saba and
Illangasekare (2000). Thesemodels could be applied in future
research looking at more long-term effects on the system, but
would then need to be validated for the higherNAPL saturations
present in this experimental systemas compared to these previ-
ous studies.

As in the models mentioned above, we assumed that the re-
sistance to mass transfer is dominated by processes in the aque-
ous phase. This assumption is reasonable for single-component
NAPLs (Miller et al., 1990) but formulti-component NAPLs diffu-
sive resistance within the NAPL can become significant, particu-
larly when the NAPL exists as pools (Imhoff et al., 2003). In this
study we have looked at the dissolution of a single-component
DNAPL (PCE) and simultaneous dechlorination reactions in the
aqueous phase. As will be discussed below, partitioning of
reaction byproducts back into the DNAPL is possible, but is
not expected to occur to an extent that would affect the dis-
solution of PCE to any significant degree. Following Miller
et al. (1990) we further assumed that the dependence on Re
and Sc can be described by power functions: Sh′=a0Re

a1Sci
a2,

where a0, a1, and a2 are empirical constants and that a2=0.5.
Thereby the following correlation was obtained:

KLid
2
50

Dmi

¼ a0Sc
0:5
i Rea1 : ð4Þ

In this equation we have two fitting parameters: a0, a1,
which were fitted to observed pseudo steady-state total PCE
dissolution rates for two different Reynolds numbers.

3.3. Dechlorination of PCE by NZVI

The results of the batch study were used to verify a reaction
pathway model for degradation of PCE to its three main dechlo-
rination end-products; acetylene, ethene and ethane, and to fit
the pseudo first-order rate coefficients for this model. Following
the model for TCE dechlorination by NZVI presented by Liu et al.
(2007) and a model for PCE dechlorination by surface modified
NZVI (MRNIP2) presented by Kim (2009), we assumed that
the reaction pathways could be described by reductive beta
elimination of PCE to acetylene followed by transformation of
acetylene to ethene and ethane. This model, as shown in Fig. 2,
uses three pseudo first-order rate coefficients, k1, k2, and k3 to
describe the reaction kinetics. These reaction rates were deter-
mined by fitting the kinetic model to the batch data for PCE deg-
radation using the Micromath Scientist 3.0 software.

This kinetic dechlorination model was subsequently coded
into the reaction module RT3D (Clement, 1997), which was
used to calculate reactive transport of components based on
flow solutions obtained with MODFLOW-2000 (Harbaugh
et al., 2000). This model thus has four mobile components in
the aqueous phase (PCE, acetylene, ethene, ethane) and, in its
base-case form, it additionally has one immobile component
consisting of DNAPL PCE. However, when assessing the effects
of partitioning of the three reaction products (acetylene, ethene,
ethane) into the DNAPL, as will be described in the next section,
the model uses 4 mobile (aqueous phase) and 4 immobile
(DNAPL) components. By simultaneously solving for the de-
chlorination reactions and the dissolution of DNAPL PCE to the
aqueous phase, the reactions were allowed to influence the
rate of dissolution through its influence on the aqueous phase
PCE concentration and therefore the driving force for
dissolution.

3.4. Partitioning of PCE dechlorination by-products between the
DNAPL and aqueous phases

Partitioning of dechlorination byproducts from the aqueous
phase into the DNAPL may affect the transport behavior of
these constituents producing lower or delayed concentrations
in the effluentwater compared towhatwould be expectedwith-
out partitioning. It was therefore of interest to estimate an upper
bound to how much this partitioning may affect the transport
and the observed effluent concentrations. In studies of partition-
ing tracer tests, it has been shown that the partitioning of the
tracer into the DNAPL tends to be a rate-limited rather than an
equilibrium process (Moreno-Barbero and Illangasekare, 2006).
Using only an aqueous-phase-resistance dominated model
can provide an upper bound for the partitioning into the
DNAPL, as overestimation of mass-transfer occurs in the oppo-
site case when resistance in the DNAPL is the limiting process.
This is in accordance with previous studies; e.g. Imhoff et al.
(2003) take the approach that the partitioning into the NAPL
can be estimated by the slowest mass-transfer process: either
a NAPL-resistance dominated or an aqueous-phase-resistance
dominated. Hence we have used the linear driving force model
described in Eqs. (3) and (4) also to estimate such upper
bound for the partitioning of byproducts to the DNAPL.

Models involving the dissolution of multi-component
NAPLs usually assume that the activity coefficients of the com-
ponents are approximately unity in the NAPL and that effective
solubilities (at thermodynamic equilibrium between the two
fluid phases) can be described by Raoult's law (e.g. Adenekan

PCE

acetylene

ethene ethane

k1

k2 k3

Fig. 2. Reaction pathway model for PCE dechlorination by RNIP.
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et al., 1993; Baehr and Corapcioglu, 1987; Fagerlund andNiemi,
2007; Molson, 2001). This assumption is reasonable if compo-
nents making up the NAPL are chemically similar while dissim-
ilarity usually results in activity coefficients larger than one
(Mackay et al., 1991).Making the sameassumption, the effective
solubilities of PCE and its dechlorination by-productswere calcu-
lated using Raoult's law, stating that Ci* is proportional to the
mole fraction Xi of component i in the DNAPL:

C�
i ¼ XiC

pure
i ð5Þ

Where Cipure is the aqueous solubility of the component in its
pure phase. Eq. (5) provides a reference equilibrium aqueous
phase concentration for each component in the NAPL–water
system. With this approach, if XiCi

pure (=Ci*) is less than Ci
(e.g. if Xi=0 and CiN0) the driving force described by the
term Ci*−Ci in Eq. (3) is negative, which produces a mass
flux, or partitioning, of component i from the aqueous phase
into the DNAPL. Thus, the mass transfer of a chemical compo-
nent between the NAPL and aqueous phases can be positive or
negative depending on its concentrations in the two fluid
phases.

3.5. Numerical model setup

A three-dimensional (3D) representation of the flow cell
was obtained by first discretizing a 103×20×20 mmrectangu-
lar block, large enough to cover the entire inner volume of the
flow cell, into 0.8×0.8×0.8 mm cube-shaped gridblocks, cor-
responding to 129, 25 and 25 blocks in the x, y and z directions,
respectively, and a total of 80,625 gridblocks. For this rectangu-
lar block, all the gridblocks residing mainly inside the inner
walls of the flow cell (its shape can be seen in Fig. 1) were
assigned active status (flow equations are solved for these
cells) and the gridblocks mainly outside the flow cell were
assigned inactive status (not part of the flow domain). These
assignments were facilitated by mathematically describing
the flow cell geometry in MATLAB. In total 30,241 blocks
were assigned active status, building up the 3D model of the
flow cell. The chosen discretization could reproduce the actual
cross-sectional areas of the narrow inflow tubes and the height
of the DNAPL pool andwas also otherwise deemed fine enough
to describe the spatial variations of the flow cell (i.e. not result-
ing in excessively jagged representations of curved surfaces).
The left inflow boundary was modeled as a constant flux
(well) boundary corresponding to the pump rates in the two
different experiments whereas the outflow side was modeled
as a constant head boundary given by the head at the outflow
to the Teflon bag for effluent collection. All other boundaries
were set to be no-flow.

3.6. General modeling methodology

The modeling study was performed using a stepwise ap-
proachwith the goal to first establish amodel that could describe
the experimental observations during pseudo steady-state con-
ditions, and then use this model to investigate the relative im-
portance of processes taking place in the DNAPL source zone
during simultaneous DNAPL dissolution and RNIP-mediated
PCE dechlorination. It should be emphasized here that the
focus of the modeling is on the time period of pseudo steady-

state conditions which allows themost straightforward analysis
of this complex experimental system.

The first step was to establish a base-case model which
could describe the observed total dissolution of DNAPL at
the two different flow velocities, given the dechlorination
rate that had previously been measured in batch reactors.
Here the model of rate-limited DNAPL dissolution for this
particular system was calibrated by fitting the constants a0
and a1 in Eq. (4) to match the dissolution rate during pseudo
steady-state conditions. This was done by minimizing the
sum of normalized absolute residuals for total effluent
molar mass originating from the DNAPL source (PCE plus its
byproducts) simultaneously for both experiments during
the time period when pseudo steady-state conditions were
observed. Next the influence of sorption was investigated
and a coefficient of linear sorption for PCE, Kd

PCE, was fitted
to the early concentration data before the pseudo steady-
state period. As will be shown in the results section below,
the sorption did not significantly affect concentrations during
pseudo steady-state, and therefore could be fitted indepen-
dently of a0 and a1 using different (early time) data. In total
there were hence three fitting parameters in the flow-cell
modeling. Other model parameters were determined in inde-
pendent experiments (reaction rates and material properties)
or taken from literature (properties of chemical constituents).
In summary, the resulting base-case model included spatially
variable, three-dimensional groundwater flow through the
flow cell, rate-limited DNAPL dissolution according to Eq. (4),
and simultaneous PCE transformation to its dechlorinated
byproducts following the model and rates determined in
batch experiments, as well as transport of the chemical con-
stituents with the groundwater.

The second step was to investigate the effect of the dechlo-
rination reactions on the DNAPL mass depletion rate and PCE
concentrations exiting the DNAPL source. This was done by
varying the PCE degradation rate from zero to 3 orders of mag-
nitude higher than the base-case rate. Finally, possible effects of
partitioning of dechlorination byproducts into the DNAPLwere
evaluated by simulating an estimated upper bound for such
partitioning using Eq. (5). The combined results from themodel-
ing were interpreted together with the experimental data to an-
alyze the effects of direct emplacement of RNIP in the DNAPL
source zone.

4. Results and discussion

4.1. Reactivity of bare NZVI

The degradation of PCE and simultaneous formation of the
three main end-products: acetylene, ethene and ethane during
dechlorination in batch reactors are shown in Fig. 3, together
with a fitted model for dechlorination pathways as specified
in Fig. 2. The rate constants fitted by minimizing the sum of
squared residuals using the Micromath Scientist 3.0 software
are given in Table 2. The degradation rate of PCE described by
k1 was found to be 7.1×10−4 L h−1 m−2 with a relatively nar-
row 95% confidence interval. This rate was confirmed by our
previous batch measurements of RNIP-mediated PCE degrada-
tion and also falls in the range of PCE degradation rates by iron
metal reported in the literature as summarized by Johnson
et al. (1996). However, it is slower than the dechlorination
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rate for trichloroethene (TCE) using the same type of RNIP par-
ticles (but a different batch) reported by Liu et al. (2005). The
uncertainty in the two other rate constants (k2 and k3) is larger
than for k1 as indicated by their relatively larger 95% confidence
intervals. It can be concluded that these coefficients can de-
scribe the PCE degradation kinetics quite well, but in relation
to this there is more uncertainty in how fast acetylene is de-
graded to ethene and ethane.

4.2. Flow cell experiments overview

Figs. 4 and 5 show the measured and modeled concentra-
tions of PCE and the dechlorination byproducts ethane, ethene
and acetylene at the flow cell effluent for experiments 1 and
2, respectively. Starting by looking at the experimental observa-
tions alone we can see that for both experiments, effluent PCE
concentrations were quite high, both compared to total bypro-
duct concentrations and in absolute numbers (solubility of PCE
in water is approximately 900 μM; Mercer and Cohen, 1990).
The total effluent byproduct concentrations were much lower
for experiment 1 than for experiment 2whichwas expected be-
cause for experiment 1, the water flow was faster, and there
was less residence time for dechlorination reactions than in ex-
periment 2. For both experiments a correlation between PCE
and total byproduct concentrations can be observed, as can
also be expected for 1st order dechlorination reaction kinetics.

In experiment 1, acetylene was the dominating byproduct,
followedby ethene and ethane,whereas in experiment 2, ethene
dominated followed by acetylene and ethane. Generally more
acetylene should be observed for shorter reaction times be-
cause as more time is allowed acetylene transforms to ethene
and ethane. According to the batch reactionmodel (Fig. 3) acet-
ylene has its maximum after less than 0.1 days of reaction time
and for longer reaction times (e.g. N0.5 days) ethene and ethane
strongly dominate over acetylene. However, the PCEmolecules
that dissolve and become available for transformation to acety-
lene and subsequent further transformations to ethene and
ethane originate from different spatial locations in the DNAPL
source zone and take different flow paths through the flow
cell corresponding to different time periods available for reac-
tions. Furthermore, the rate-limited dissolution of PCE depends
on the local groundwater flow velocity and the PCE–water inter-
faces contributing to mass transfer. Because groundwater flow

velocities as well as the concentrations of solutes undergo-
ing transformations vary spatially in the flow cell a more de-
tailed analysis of experimental results requires detailed
three-dimensional modeling of the simultaneous water flow
and reactions in the flow cell. The following sections describe
the results from thesemodeling efforts together with an analy-
sis of their implications.

4.3. DNAPL dissolution and base-case model

As described in Section 3.6 above, the first step of themodel-
ing process was to establish a base-case model for DNAPL disso-
lution with simultaneous dechlorination reactions based on
quasi steady-state conditions in the two experiments. In experi-
ment 2 (Fig. 5) such quasi-steady-state can be observed roughly
between 2.5 and 6.5 days. After this time an increase in effluent
concentrations can be observed which is likely due to a slight
change in the DNAPL source characteristics. In experiment 1,
there is comparatively more variation in the total effluent con-
centrations. Nonetheless, our interpretation is that the total ef-
fluent concentration is relatively stable for the first 6 days, after
which there is an increasing trend, also here likely a result of
slight changes in source zone characteristics.

The total amount of PCE that dissolved from the DNAPL
source corresponds to the total effluent molar mass summing
PCE and its dechlorination reaction byproducts. The total rate
of DNAPL dissolution is therefore tied to the total dissolved
concentration (summing PCE and byproducts) shown in
Figs. 4 and 5. The amount of the DNAPL that dissolved during
the experiments could be calculated from the measurements
of effluent concentrations and the known flow rate. For the
above identified quasi steady-state time periods, the total dis-
solution of the DNAPL source went from approximately 0 to
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Fig. 3. PCE dechlorination model fitted to batch data.

Table 2
Pseudo first-order reaction rates, standard deviation (st. dev.) and confi-
dence intervals (CI) for PCE dechlorination model fitted to batch data.

Parameter Value St. dev. 95% CI
Lower

95% CI
Upper

k1 (L m−2 h−1) 7.06×10−4 2.64×10−5 6.47×10−4 7.63×10−4

k2 (L m−2 h−1) 1.26×10−2 4.31×10−3 4.02×10−3 2.12×10−2

k3 (L m−2 h−1) 6.72×10−3 2.31×10−3 2.13×10−3 1.13×10−2
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3.1% in experiment 1 and from 0.12% to 0.40% in experiment 2.
Looking at the end of the experiments, for experiment 1 ap-
proximately 5.3% of the original source dissolved over
10 days, and for experiment 2 1.1% dissolved over 12 days. In
the modeling, we have assumed that the groundwater flow
field does not change significantly due to DNAPL dissolution
(resulting in changes in aqueous-phase relative permeability).
This assumption should be reasonable at least for experiment
2. However, for the later stages of experiment 1, slight changes
in the flow field may have occurred due to DNAPL mass deple-
tion. More water flowing through the DNAPL pool zone may
also be the reason why somewhat higher concentrations of
PCE and byproducts were observed after 6+ days in Fig. 4. In
any case, we believe that this assumption holds for qualitative
interpretation of the processes occurring in the flow cell.

Having identified quasi steady-state time periods in the
two experiments, the two constants a0 and a1 for the dissolu-
tion model (Eq. (4)) were fitted by simultaneously matching
observed and modeled total dissolved concentrations during
these time periods (0–6 days in experiment 1 and 2.4–6.5 days

in experiment 2). In thismodeling, the dechlorination reactions
were described using the pathways shown in Fig. 3 and reac-
tion rates previously determined in batch experiments were
used (Table 2). The results for the fitting of a0 and a1 are
given in Table 3 and the resulting modeled effluent concen-
trations are shown in Figs. 4 and 5. Compared to the model
by Miller et al. (1990) this model has a somewhat stronger
dependence on Re (Miller et al. (1990) found the exponent
a1=0.75±0.08) but is otherwise comparable. The differ-
ence may be attributed to the difference in NAPL configura-
tion which in our case was a pool with varying saturation
in the vertical direction compared to what was reported by
Miller et al. (1990), where the source was at residual satura-
tion. In future research, more independent dissolution experi-
ments would be needed to investigate the range of validity
for this model. For the case of the selected calibration periods
in our study, we conclude that the dissolution rates in both ex-
periments were captured reasonably well by the model. While
the main purpose of this study was not to develop or validate
dissolution models, the identification of a dissolution model,

Fig. 4. Measured and modeled effluent concentrations of PCE and its dechlorination byproducts (BP) for experiment 1.
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which was consistent for both experiments, was valuable for
the analysis of simultaneous dissolution and NZVI-mediated
PCE dechlorination in the source zone.

To match the delay before quasi steady-state was reached,
seen in early data for experiment 2, it is also necessary to include
retardation of PCE, this was done by fitting a distribution coeffi-
cient KdPCE for linear sorption of PCE by matching observed and
modeled effluent PCE concentrations for the time period
0–2.4 days in experiment 2. A sensitivity analysis for sorption il-
lustrated by the model results for “No sorption” (together with
the base-case with sorption included) showed that sorption
does not significantly affect concentrations during the quasi-
steady state conditions. The fitting of KdPCE could therefore be
done independently of the fitting of a0 and a1 using data from
different time periods and did not affect the interpretation of
steady-state results. This fitted Kd

PCE valuewas 1.5±0.3 L/kg cor-
responding to a retardation factor of approximately 7. Other
model parameters related to the properties of the solid medium

(sands) are given above in Table 1 andproperties of the chemical
species are given in Table 4. The partitioningmodeling shown in
Figs. 4 and 5 will be discussed in more detail below.

4.4. Spatial distribution of PCE and reaction byproducts

As the modeled DNAPL distribution was assumed not to
change with time, the modeled spatial distribution of dis-
solved species will come to a steady state at some time
after the start of water flow. This state is comparable to a
quasi steady-state that occurs in the flow cell when the dissolu-
tion of DNAPL, the groundwater flow field, and the dechlorina-
tion rate are not changing significantly over some period of
time. Figs. 6 and 7 show the modeled steady-state aqueous con-
centrations of PCE and byproducts (acetylene, ethene, ethane) in
the central vertical plane of the flow cell for experiments 1 and 2,
respectively. The spatial distributions of PCE concentrations are
shown both for a modeling scenario with no dechlorination
(and formation of byproducs) taking place, and for the base-
case modeling scenario including reactions (Figs. 6a and b, 7a
and b). The different byproduct concentrations as well as total
byproducts for the base-case model are shown in Figs. 6c–e
and 7c–e. Comparing Fig. 6a and b, it can be seen that there is
very little difference in the spatial distributions of PCE, which is
due the fact that only a very small portion of the PCE was trans-
formed to byproducts in experiment 1 (as seen also in the

Fig. 5. Measured and modeled effluent concentrations of PCE and its dechlorination byproducts (BP) for experiment 2.

Table 3
Dissolution parameters with standard deviation (st. dev.) and confidence in-
tervals (CI), fitted for pseudo steady-state conditions in both experiments.

Parameter Value St. dev. 95% CI Lower 95% CI Upper

a0 0.23 0.030 0.17 0.29
a1 0.87 0.043 0.79 0.96
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effluent concentration; Fig. 4). This is also reflected in the rela-
tively small byproduct concentrations (Fig. 6c–e). For the slower
flowing experiment 2, wheremore time is allowed for reactions,
the difference between the no reactions and base-case scenarios
(Fig. 7a and b) is larger with alsomore byproducts being formed
(Fig. 7c–e).

Because the dissolution model is rate-limited (as opposed
to an equilibrium model), the PCE concentrations are low at
the inflow (left) end of the flow cell, and increase along the
length of the DNAPL zone as more mass is picked up along
groundwater flow paths (Figs. 6a, b and 7a, b). This pattern
is typical for groundwater flow past DNAPL sources pooled on
lower permeability media. As can be seen comparing Figs. 6a
and 7a, when the groundwater flow is faster (experiment 1,
Fig. 6a) a longer travel distance through the source is needed
to reach a given dissolved PCE concentration as compared to
slower flow (experiment 2, Fig. 7a) and for the same source
length the concentration is lower for the faster flow. In both
cases, the flow pattern is similar and the highest PCE concen-
trations are obtained at the end of the slowest and longest
flow paths along the flow cell walls through the DNAPL zone.
These observations can also be made looking at the spatial dis-
tribution of concentrations in the horizontal plane through the
top of DNAPL zone at z=0.006 m shown in Figs. 8 and 9 for ex-
periments 1 and 2, respectively.

The amount of PCE dechlorination that occurs is propor-
tional to the aqueous PCE concentration. Therefore, only a
small amount of dechlorination occurs at the upgradient
end of the flow cell where PCE concentrations are low. This
indicates that emplaced NZVI will degrade the most PCE at
the down-gradient end where PCE concentrations are high-
est. Once the PCE has dissolved, the portion of it that is de-
graded depends on its residence time in the zone of NZVI
emplacement. PCE that dissolves at the down-gradient edge
of the source will have very little residence time in the source
itself but could be provided more time for degradation by
placing NZVI downgradient of the source. The residence
time can also increased if the groundwater becomes slower,
but this will also reduce the total dissolution and thereby de-
crease the DNAPL mass removal, as will be discussed more in
Section 4.6 below.

The vertical pattern of acetylene in experiment 2 (Fig. 7c) is
very similar to the pattern of PCE (Fig. 7b). This is becausemost
of the acetylene is transformed to ethene and ethanebeforemi-
gration of acetylene with the water flow can change its spatial
distribution. In experiment 1, there is some difference between

the PCE (Fig. 6b) and acetylene (Fig. 6c) vertical distributions
because here the flow is fast enough that a significant amount
of acetylene moves up into the zone above the DNAPL source
before it is transformed. In the upper zone consisting of medi-
um-grained sand (see Section 2.3 and Fig. 1) the flow is slower
than in the top part of DNAPL zone (z=0.006 m) which pro-
duces the bend in acetylene concentration contours (Fig. 6c).
In experiment 1, the time available for reactions is on average
so short that acetylene remains the dominating byproduct in
the flow cell, whereas in experiment 2, where reaction times
on average are longer, ethene and ethane dominate over acet-
ylene. In general, the highest byproduct concentrations occur
in zones with both high parent compound (PCE and acetylene)
concentrations and slow water flow, as can be seen in Figs. 6c,
d, e and 7c, d, e. The total byproduct concentration given by
the sum of acetylene, ethene and ethane also follows this pat-
tern (Figs. 6f, 8c 7f, and 9c).

It can be concluded that the presence and concentration
of dissolved PCE are equally important to the presence of
NZVI for dechlorination reactions and PCE mass removal to
occur. Therefore, the dissolution pattern and spatial distribu-
tion of dissolved PCE are important for the NZVI-mediated
dechlorination efficiency. For example, at the up-gradient
end of the DNAPL zone, dissolution will occur but only minor
dechlorination as PCE concentrations are still low. It can also
be concluded that a rate-limited model of DNAPL dissolution
is needed to capture the overall process as equilibriummodels
would overestimate the amount of PCE available for dechlori-
nation reactions.

4.5. Reaction efficiency and comparison of modeled and observed
effluent concentrations

Continuing the comparison of modeled and experimental
observations, it can be seen in Fig. 5 (experiment 2) that both
the modeled PCE and total byproduct concentrations are in
agreement with the experimental observations until dissolu-
tion increases after 6.5 days and concentrations are somewhat
underestimated. Looking at individual byproducts (Fig. 5b), it
can be seen that ethenewas quite well predicted but acetylene
was overestimated and ethanewas underestimated. For exper-
iment 1 (Fig. 4), the modeled PCE concentration was in agree-
ment with the average measured concentration during the
first 6 days, but the modeled total byproduct concentration
was overestimated by approximately a factor 2. However, the
relative amounts of individual byproducts (Fig. 4b) are in rea-
sonable agreement with the experiments. As can be seen in
Table 2, the confidence interval for the PCE degradation rate
(k1) which controls the total byproduct production, is quite
narrow whereas the uncertainties in the transformation rates
of acetylene to ethene (k2) and ethane (k3) are substantially
larger. Therefore, the uncertainty in batch reaction rates is a pos-
sible explanation to the mismatch in byproduct composition
seen for experiment 2, but the fact that only half of the predicted
total byproduct concentration is observed for experiment 1 is not
likely to be a result of uncertainty in the batch rate for PCE
degradation.

As previously observed for Figs. 4 and 5, there is a correlation
between PCE and total byproduct concentration, which can also
be expected for 1st order reaction kinetics. The total byproducts
(BP) to PCE ratio (BP/PCE) of effluent molar concentrations can

Table 4
Molecular weights (MW), aqueous solubility (Ci*) and aqueous diffusivity
(Dmi) for the modeled chemical constituents.
(Data from Schwarzenbach et al., 2003 unless otherwise specified).

Constituent MW (g mol−1) Ci* (mg L−1) Dmi (m2 s−1)

Ethane 30.1 61 9.4×10−10a

Ethene 28.1 140 9.7×10−10a

Acetylene 26.0 1060 1.0×10−9a

PCE 165.8 150 8.2×10−10b

a Calculated from the Stokes–Einstein equation (Dmi=kT/6πηri) as given
by Schwarzenbach et al. (2003), where k is the Boltzmann constant, T is
temperature, η is dynamic viscosity of water and ri is the molecular radius.

b GSI Environmental chemical database (http://www.gsi-net.com/en/
publications/gsi-chemical-database/single/499.html).
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a) PCE, no reactions model

b) PCE, base-case model

c) Acetylene, base-case model

d) Ethene, base-case model

e) Ethane, base-case model

f) Total byproducts, base-case model

Fig. 6. Modeled steady-state distributions of dissolved PCE and byproducts at the central vertical plane for the no reactions and base-case model scenarios,
experiment 1.
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a)  PCE, no = reactions model

b) PCE, base-case model

d) Ethene, base-case model

e) Ethane, base-case model

f) Total byproducts, base-case model

c) Acetylene, base-case model

Fig. 7. Modeled steady-state distributions of dissolved PCE and byproducts at the central vertical plane for the no reactions and base-case model scenarios,
experiment 2.
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be taken as a measure of reaction efficiency in the system. The
observed and modeled BP/PCE ratios for the different experi-
ments are shown in Fig. 10. After an initial decline, seen in
the models and the measurements for experiment 2, the
BP/PCE ratio varies around a relatively stable mean value. The
initial decline in effluent BP/PCE ratio is an effect of the stronger
retardation of PCE compared to the byproducts, meaning that it
takes longer for effluent PCE concentrations to reach steady
state. Themean is notmuch affected by the increase in dissolved
species that can be seen in both experiments after 6+ days, in-
dicating that the dechlorination rate remains relatively constant
despite additional dissolved PCE introduced. For experiment 2,
themodel captures the trend in BP/PCE ratio but for experiment
1, it overestimates the BP/PCE ratio by approximately a factor 2.
The model, which uses the measured dechlorination rate from
batch experiments works well for experiment 2, but overesti-
mates the amount of effluent byproducts for experiment 1.

There is no obvious reason for the discrepancy between
observed and modeled BP/PCE in experiment 1. We hypothe-
size that the faster flow velocity (as compared to experiment
2) redistributes the RNIP away from the pathways of faster
flow into zones of slower flow where deposition is more fa-
vorable. This would result in less interaction between NZVI
and the dissolved mass in the bulk of the flowing groundwater,
thus, producing less dechlorination of dissolved PCE. The bare
RNIPused in this study typically have very limitedmobility in po-
rous media and tends to deposit or adsorb to sand grains, which
is also a reason why different polymer coatings have been
designed to enhance their subsurface mobility (e.g. Phenrat

et al., 2009a). However, in previous emplacement tests we
have observed some mobility even for these bare particles for
high flow velocities in coarse grain sands. We further hypothe-
size that if RNIP are redistributed to smaller pores, they will
clog the smaller pore throats and thereby create stagnant
pockets, which are bypassed by the bulk flow. In such case
even minor redistribution of the RNIP may lessen the reaction
efficiency as compared to a uniform distribution or a well-
mixed batch reactor. In this experimental setup we were not
able to test these hypotheses, and the reason for the lower-
than-expected reaction efficiency observed in experiment 1
cannot be clarified here. We conclude that a non-uniform dis-
tribution of RNIP may lessen the reaction efficiency due to
flow bypass and the distribution can be affected by factors
such as flow velocity and heterogeneity, particularly with re-
gard to more mobile coated particles that are likely to be used
in the field.

4.6. DNAPL mass removal, NZVI emplacement considerations
and effect of dechlorination rate

The cumulative total effluent mass shown in Fig. 11 is a
measure of the mass removed from the DNAPL source zone
and the slope of this curve is a measure of the rate of DNAPL
mass removal. Here, the quasi steady-state periods in both ex-
periments are manifested as linearly increasing cumulative
total effluent mass (measurements, Fig. 11a and b). However,
there is an increase in slope in the cumulative effluent mass

a) PCE, no reactions model

b) PCE, base-case model

c) Total byproducts, base-case model

Fig. 8. Modeled steady-state distributions of dissolved PCE and total byproducts at the uppermost horizontal plane in the DNAPL source zone at z=0.006 m, for
the no reactions and base-case model scenarios, experiment 1.
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after 6+ days for both experiments indicating an increase in
the otherwise relatively stable dissolution rate.

Because the base-case model was calibrated to match the
total dissolved effluent concentrations for the steady-state
periods, this model should predict the rate of mass removal
well during those periods, which can also be observed in
Fig. 11. The next step of the modeling analysis was to investi-
gate the effect of the reaction rate on DNAPL mass removal
and effluent PCE concentrations leaving the source zone. To
quantify the effects of the dechlorination reactions, both ex-
periments were simulated for the case of no reactions occur-
ring. This scenario can be compared to the base-case to analyze
how much the emplaced NZVI affected DNAPL mass removal
and effluent PCE concentration from the source. In our experi-
ments we emplaced 10 g of RNIP per liter pore space, which
corresponds to 2.2 g RNIP per kg dry soil. This NZVI concentra-
tion is comparable to the emplacement of Pd-catalyzed
polymer-coated NZVI performed by Henn and Waddill (2006)
in a pilot injection test using direct push injection of a 10 g/L
NZVI solution as well as recirculation injections of a 4.5 g/L
NZVI solution over approximately two pore volumes of the
medium resulting in a similar total amount of emplacement
compared to the 10 g/L direct push. According to Henn and
Waddill (2006), typically an NZVI concentration of 0.1% by
volume can be readily injected to a porous medium. Assum-
ing a particle density of approximately 6000 kg/m3 (the
exact density for RNIP depends on the relative amounts of
Fe0 in the particle core (in our case 22%) and magnetite sur-
rounding the core) this would correspond to a concentration
of 6 g/L or roughly 1.3 g/kg dry soil (for a porosity of 0.365

and dry bulk density 1.7 kg/L) if the particles deposit in the
pore space. The emplaced NZVI concentration may be en-
hanced by recirculation such like the scheme employed by
Henn and Waddill (2006) when more particles are supplied
as the previous ones deposit in the medium. However, there
is, of course, a limit to the amount that can be emplaced as
adding more and more particles will lead to clogging of
pore throats followed by flow bypass around the clogged
zones.

Compared to the unmodified (bare) Fe0 particles used in this
study, catalyzed bimetallic particles typically have faster reaction
rates (Lien and Zhang, 2007; Zhang et al., 1998). Lien and Zhang
(2007) reported dechlorination rates for PCE by Pd-catalyzed
particles of 2.4×10−2 and 4.0×10−2 L h−1 m−2 for tempera-
tures of 15 and 25 °C, respectively, which is 30–60 times faster
than the reactivity measured for the particles used in this study
(7.1×10−4 L h−1 m−2). For dechlorination of TCE by Pd-cata-
lyzed particles Yan et al. (2010) report a reaction rate of
7.6×10−2 L h−1 m−2 (~100 times faster than our study) but
this rate drops six fold in 24 h as the particles age in water to
(1.3×10−2 L h−1 m−2). He et al., 2007 found that stabilization
with carboxymethyl cellulose (CMC) further enhances the TCE
dechlorination rate for Pd/Fe particles and report a rate of
1.56 L h−1 m−2 (~2000 times faster than our study). However,
Yan et al. (2010) conclude that rapid particle aging in water re-
mains a critical point to be addressed in remediation using cata-
lyzed bimetallic particles. In light of these potentially more
efficient particles, we found it to be of interest to investigate
how higher reaction rates (corresponding to more emplaced
particles or faster reacting particles) would influence the

a) PCE, no reactions model

b) PCE, base-case model

c) Total byproducts, base-case model

Fig. 9. Modeled steady-state distributions of dissolved PCE and total byproducts at the uppermost horizontal plane in the DNAPL source zone at z=0.006 m, for
the no reactions and base-case model scenarios, experiment 2.
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DNAPL mass removal and PCE effluent concentrations from the
source zone. To this end we conducted a sensitivity study for
the reaction rate by testing rate models of 10, 100 and 1000
times higher rate constants than the ones measured in our
batch experiments (as given in Table 2). For the case of RNIP,
particularly the 100× and 1000× rates are, however, not realis-
tic. Making the optimistic assumption that there is a direct cor-
relation between the amount of emplaced particles and the
reaction rate, the required amount of RNIP would reduce the
porosity by 16% in the 100× case (corresponding to 220 g
RNIP per kg original dry soil), and would not even fit the avail-
able pore space in the 1000× case (corresponding to 2.2 kg
RNIP per kg original dry soil).

The results from this modeling for the cumulative total ef-
fluent mass are shown together with the experimental obser-
vations in Fig. 11. Furthermore, the different scenarios and
results for selected output parameters are summarized in
Table 5. These output parameters include the absolute DNAPL
mass removal rate (dM/dt) in μmol/day and the removal
rate relative to the original total mass of the DNAPL source
(d(M/Mt)/dt) in units of day−1 where Mt is the original
molar mass of DNAPL. The acceleration of the removal rate

compared to the “no reactions” scenario in% is expressed as:
100 (dM/dt−[dM/dt]no_reactions)/[dM/dt]no_reactions. Similarly,
the reduction in effluent PCE concentration (Ce

PCE) in% is
expressed as: 100 *(Ce

PCE−[Ce
PCE]no_reactions)/[Ce

PCE]no_reactions.
When comparing the results from the no reactions model

runs (Fig. 11a and b) with the average total mass-transfer
rate during the quasi steady state periods (experimental data
and base-casemodel), it can be seen that the dechlorination re-
actions in our experiments only had a minor impact on the
total mass-transfer rate. In experiment 1, the dechlorination
by NZVI is predicted to produce a difference in mass-transfer
rate of only 0.34% (Table 5). For experiment 2, a reduction in ef-
fluent PCE concentration of 23.3% is achieved compared to the
“no reactions” case, but the predicted difference inDNAPLmass
removal due to NZVI reactions is still only 3.5% (4.2 μmol/day
with reactions and 4.06 μmol/day without). Looking at the hy-
potheticalmodel scenarios for higher reaction rateswe see that
we can achieve an 18% acceleration of themass removal rate by
increasing the reaction rate by a factor 10 in the slower flowing
experiment 2 (Table 5). However, when we keep increasing
the reaction rate to 1000 times the batch rate, we reach a
limit of approximately 33% acceleration in the removal rate
corresponding to the case when PCE is degraded much faster
than it can dissolve, resulting in almost no PCE in solution

a) Experiment 1

b) Experiment 2

Fig. 10. Cumulative total effluent molar mass, measurements and modeling
results for different dechlorination reaction rates.

a) Experiment 1

b) Experiment 2

Fig. 11. Ratio of total dechlorinated byproducts (BP) to PCE in effluent water.
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and therefore no possibilities for additional mass removal. In
experiment 1, we reach 24% acceleration of mass removal at
the rate of 1000 times the batch rate, which should also be
very close to the maximum limit because also here very little
PCE remains in the effluent water. We can conclude that
there is a limit to the maximum mass removal rate which de-
pends on the source characteristics and the groundwater flow
velocity.

Comparing experiments 1 and 2 it can also be concluded
that for slower groundwater flow through the DNAPL source
zone (experiment 2) there is more time for dechlorination
reactions to occur and the presence of NZVI can have a larger
effect on the DNAPL mass-depletion rate compared to faster
flow (experiment 1). However, at a slower flow rate, the
mass removal rate is in any case much smaller than that for
the faster flow rate. For the quasi steady-state periods, the
relative DNAPL source removal rate, d(M/Mt)/dt, (Table 5)
was 0.074% of the original source per day in experiment 2
and 0.5% per day in experiment 1. In this case, increasing
the linear flow velocity from 9.4 cm/day (experiment 2) to
81 cm/day (experiment 1), hence leads to a 700% increase
in DNAPL mass removal rate. Of course, if the dissolved PCE
is not dechlorinated this mass removal only results in move-
ment of the PCE from the DNAPL source to the downgradient
groundwater. Nonetheless, this comparison shows that RNIP-
mediated dechlorination has a comparatively small effect on
the DNAPL mass removal compared to other parameters af-
fecting the DNAPL dissolution such as the groundwater flow
velocity.

Also the source characteristics affect the net rate of dissolu-
tionwhichwill changewith changes in theDNAPL architecture.
Such change typically occurs when some portion of the original
source has dissolved, leading to changes in interfacial area be-
tween NAPL and water and/or changes in water flow pattern
and velocity going through the source. A change in the dissolu-
tion rate can be seen both for experiment 1 (Fig. 11a) and ex-
periment 2 (Fig. 11b) after 7+ days. While it cannot be tested
in the pseudo steady-state modeling, we believe that this in-
creased dissolution is primarily an effect of NAPL-architecture
change, and not primarily an effect of enhanced dissolution
due to NZVI-mediated PCE dechlorination. It can also be seen
in the new linear slope of the experimental data (after 7+

days in Fig. 11a and b) that these changes in mass removal
rates are larger than what could be achieved even with dechlo-
rination rates of 1000 times the batch rate.

For experiment 1, the emplaced NZVI had very little effect
on effluent PCE concentrations, Ce

PCE, (reduction of 0.12% com-
pared to the no reactions scenario),while for the slower flowing
experiment 2 therewas a reduction of 23%. The sensitivity anal-
ysis in Table 5 shows that increasing the reaction rate canhave a
significant impact on Ce

PCE. However, increasing the amount of
emplaced particles bymore than a factor 10 appears very unre-
alistic in the field, and it is therefore likely that the rates tested
here cannot be achieved using this type of particles (RNIP).
Comparing experiments 1 and 2 it can also be concluded that
reduction in effluent mass (Ce

PCE) is much easier to achieve at
lower groundwater flow velocities.

Taghavy et al. (2010) achieved a very high emplacement of
283 g RNIP per kg dry soil in a one-dimensional column. They
estimated this emplacement to yield an effective PCE degra-
dation rate of 1.42 h−1 in their column, which is approxi-
mately 13 times the rate in our experiments (0.106 h−1).
Given the large difference in amount of emplacement, the
difference in effective reaction rate should be much more if
the reactivity per particle surface area would be the same.
Taghavy et al. (2010) estimate this to 1.7×10−4 L m2 h−1

in their column which is lower than the measurement of
7.06×10−4 L m2 h−1 for our particles. This difference could
at least partly be due to the polymer coatings on the particles
used by Taghavy et al. (2010) or differences between particles
from different batches (Fe0 content is, however, similar; 24%
for Taghavy et al. and 22% in our study) and could also be related
to the fact that Taghavy et al. (2010) did not measure ethane
and acetylene which we found to be important reaction bypro-
ducts. However, it is also possible that the effective reaction rate
increases less than linearlywith emplacedparticlemass,making
it even more difficult to achieve much higher reaction rates by
increasing NZVI emplacement. Furthermore, groundwater flow
velocity may influence the effective reaction rate as previously
discussed in Section 4.5. The linear flow velocity in the Taghavy
et al. (2010) column experiment was 206 cm/day which is ap-
proximately 2.5 times that in our experiment 1 (81 cm/day).

The residence time forwater in Taghavy's experiment can be
calculated to 1.9 h and in our experiments 1.2 h (experiment 1)

Table 5
Effect of varying the PCE degradation rate (K1) on the DNAPL source mass removal rate (absolute rate: dM/dt, and rate relative to total source mass: d(M/Mt)/dt),
as well as effect on the effluent PCE concentration (Ce

PCE) during pseudo steady-state conditions. Acceleration of mass removal rate and reduction of effluent PCE
concentration were calculated with respect to the “No reactions” model scenario.

Model scenario k1 (L m−2 h−1) dM/dt (μmol/day) d(M/Mt)/dt (day−1) Acceleration of removal rate (%) Ce
PCE (μM) Ce

PCE reduction (%)

Experiment 1
No reactions 0 28.3 5.0×10−3 N/A 221 N/A
Base case (BC) 7.06×10−4 28.4 5.0×10−3 0.34 220 0.12
BC rate×10 7.06×10−3 29.2 5.1×10−3 3.1 169 23.2
BC rate×100 7.06×10−2 32.6 5.7×10−3 15 32 85.6
BC rate×1000 7.06×10−1 35.1 6.2×10−3 24 0.19 99.9

Experiment 2
No reactions 0 4.06 7.1×10−4 N/A 282 N/A
Base case (BC) 7.06×10−4 4.20 7.4×10−4 3.5 216 23.3
BC rate×10 7.06×10−3 4.80 8.5×10−4 18 48 82.9
BC rate×100 7.06×10−2 5.31 9.4×10−4 31 0.42 99.9
BC rate×1000 7.06×10−1 5.40 9.5×10−4 33 0.0 100
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and 10 h (experiment 2). However, the average residence time
for dissolved PCE, which influences the amount of dechlorina-
tion, depends also on where in the system the PCE dissolves
and hence on the source characteristics. Our system has a more
pool-like source with an uncontaminated zone above it and
thus differs from the column with residual DNAPL blobs of
Taghavy et al. (2010). Given these differences, and the difference
in reaction rate, the results from our experiments appear to be
in reasonable agreement with those of Taghavy et al. (2010)
(e.g. the model of experiment 1 for reaction rate ×10 is proba-
bly the case tested here which is most similar to Taghavy's
study and here we get 23.3% Ce

PCE reduction which is similar
to the 25% transformation efficiency reported by Taghavy
et al., 2010). The implications of the results, however, depend
on the amount of emplacement and rate of dechlorination
that are deemed practical for field applications.

In a strategy for NZVI emplacement it is also interesting to
consider the amount of Fe0 that is needed to dechlorinate the
contaminants in the source. The total amount of PCE in the
DNAPL source in our experiments was approximately 5.7 mmol
and the total Fe0 in the emplaced RNIP was approximately
0.22 mmol. Stoichiometrically, between 3 and 5 mol of Fe0 are
needed to dechlorinate 1 mole of PCE (depending on which
products are ultimately formed; transformation to acetylene re-
quires 6e−, and to ethene or ethane 8e−and 10e−, respectively).
Therefore, the 10 g RNIP per liter pore space that we emplaced
would be enough to degrade approximately 1% of the original
source, assuming that all the Fe0would be used for PCE dechlori-
nation. Consequentlywewould need at least 100 timesmore Fe0

than we emplaced to degrade the source. It is unlikely that this
amount of Fe0 can be emplaced directly in the source zone of
DNAPL dissolution because of pore space limitations and the
clogging and flow bypassing that would likely occur for this
amount of NZVI delivery. Thus, the NZVI needed to degrade a
source must be placed down-gradient of the source which pre-
cludes influence of dechlorination reactions on the rate of disso-
lution. Based on the sensitivity analysis (Table 5), even a 100
times faster reaction rate in the zone of dissolution, would in-
crease the predicted mass removal rate by only 15% and 31% in
experiments 1 and 2, respectively. In practice it would therefore
be difficult to significantly reduce source longevity by means of
NZVI treatment and one may have to settle for degrading the
contaminants as they leave the source zone thereby reducing
down-gradient concentrations.

The reactive lifetime of the NZVI depends on the PCE concen-
tration and will be considerably longer at lower PCE concentra-
tion compared to at higher concentration. Assuming Fe0

consumption of 4 mol/mol PCE degraded, the lifetime of RNIP
is estimated to be approximately 10 days at a PCE concentration
of 400 μMand80 days at 50 μM. For amore detailed analysis see
also Liu et al. (2007). As can be seen in Figs. 6–9, the PCE con-
centration has a large variation in the source zone, e.g. in exper-
iment 2 (Figs. 7b and 9b) it is predicted to vary in space from
0 to close to 400 μM during the quasi steady-state time period.
Consequently, when emplacing NZVI in a DNAPL source zone
the reactive lifetime of the emplaced NZVI can be very variable
depending on the strong spatial variations in contaminant con-
centrations. In zones of high PCE concentration, the NZVI will
become fully oxidized quickly and frequent replacement will
be needed to maintain the dechlorination reactions, which
also needs to be considered in the NZVI emplacement strategy.

We can conclude that for an emplacement directly in the
DNAPL source zone of 10 g RNIP per liter pore space (2.2 g/kg
dry soil) as used in this study (and in agreement with Henn
and Waddill, 2006), very little enhancement of the source de-
pletion rate compared to dissolution alone can be seen. For par-
ticles providing a much higher rate of PCE degradation our
modeling predicts that some acceleration in the DNAPL mass
removal rate is possible. For the groundwater flow velocities
tested here the maximum achievable acceleration of the rate
is not more than 25–35%. Our results indicate that the total
mass-transfer from the DNAPL to the groundwater is largely
controlled by other factors than the dechlorination rate, includ-
ing the groundwater flow velocity and the DNAPL source char-
acteristics. we also conclude that in analyses of the effects of
NZVI treatment of DNAPL PCE source zones, it is necessary to
use a rate-limited model of mass-transfer as an equilibrium
model would overestimate the amount of PCE available for de-
chlorination in the vicinity of the DNAPL source, particularly at
its up-gradient end.

Even though very high dechlorination rates in the source
may reduce the down-gradient concentrations of PCE, we
agree with Taghavy et al. (2010) that NZVI placement down-
gradient of the source is a more practical way to achieve the
residence time required for reactions and to emplace the
mass of Fe0 required to degrade the total mass of a DNAPL
source. Here NZVI can degrade dissolved contaminants ema-
nating from the source given that there is enough residence
time for reactions in this zone and that the NZVI is replenished
at time intervals corresponding to the reactive lifetime of the
particles. This suggests that the “optimal” placement is not
necessarily where the DNAPL is but where the dissolved PCE
can be efficiently captured and degraded. In agreement with
Taghavy et al. (2010) we find that the groundwater flow rate
is an important parameter to take into account in the emplace-
ment strategy as it has a large influence on the residence time
available for reactions as well as on the mass-transfer from the
DNAPL to the groundwater. The selectivity of NZVI for the tar-
get contaminant over oxidation by water must be improved to
make this strategy of emplacement a viable alternative.

4.7. Effect of partitioning of byproducts to the DNAPL

Wealso tested howpartitioning of byproducts in the ground-
water back into the DNAPLmay affect the fate of byproducts and
PCE in the system and their effluent concentrations. To this end
we employed the model presented above in Eq. (5), which
should produce an approximate upper bound for this partition-
ing. The results of this model (labeled partitioning model) are
shown in Figs. 4, 5 and 10, together with the base case results
(no partitioning model). As can be seen in Fig. 10, partitioning
produces an apparent decrease in the BP/PCE ratio based on ef-
fluent concentrations, however, this effect is not large enough
to explain the discrepancy between modeled and experimental
results for experiment 1.

For the timeframe of the experiments, byproduct partitioning
has a relatively small influence on effluent concentrations as in-
dicated also by Figs. 4 and 5. However, a potentially interesting
effect that can be seen in Fig. 12 is that the modeled spatial pat-
terns of total byproducts in the DNAPL indicate amole fraction of
byproducts in the DNAPL, which increases exponentially with
down-gradient distance along the DNAPL zone (note the log
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scale in Fig. 12).While themodel employed is onlymeant to give
an upper bound for the byproduct partitioning, these results in-
dicate that for any byproduct partitioning that occurs there will
be a strong accumulation of byproducts in the DNAPL entrapped
toward the very end of the DNAPL source zone. For the time-
frames, flow rates and length of DNAPL zone considered here,
our model predicts a maximum total byproduct mole
fraction of approximately 0.1% for both experiments, which
may not be significant. However, for other scenarios of longer re-
mediation times and larger DNAPL source zones, partitioning of
byproducts could potentially affect themobility of the down-gra-
dient tip of the pool.We also point out here that diffusion of con-
stituents inside the DNAPL was not considered in this model.

5. Concluding remarks

Motivated by the need to understand how a number of inter-
active processes contribute to net mass removal, experiments
were performed in a small custom-made flow cell to investigate
the effects of emplacing nanoscale zero-valent iron (NZVI) di-
rectly in a PCE DNAPL source zone. The simultaneous DNAPL dis-
solution and dechlorination reactions were monitored by
measuring effluent concentrations of PCE and reaction bypro-
ducts under two different flow velocities through the flow cell.
As some of the complexities of the fate and transport were not
possible to evaluate from the experiments only, a detailed nu-
merical model of the system was then constructed, including
rate-limited DNAPL dissolution and NZVI-mediated PCE dechlo-
rination to its three main byproducts using first-order reaction
rate constants measured in batch reactors. To gain insight
about different, potentially important processes, the results
from different model scenarios were jointly analyzed together
with the experimental data.

Even though conventional wisdom may suggest that the
most effective way to remediate is to place the NZVI as close
as possible to the sources, our findings suggest that for the
type of NZVI and aquifer conditions examined in this research,
DNAPL mass depletion will not be significantly enhanced by
NZVI-mediated dechlorination when placing NZVI directly in

the DNAPL source zone. This finding was associated with the
fact that PCE has to dissolve in the groundwater before it can
react with the NZVI, and that the dissolution rate restricts the
availability of PCE for dechlorination. The dissolution rate, in
turn, is largely controlled by the available DNAPL/water inter-
faces where mass transfer occurs and the velocity of water,
and, at least for the for the source and aquifer conditions of
our study, is much less influenced by dechlorination reactions.
Because theDNAPLmass removal is strongly dependent on dis-
solution, the use of a rate-limited model of DNAPL dissolution
was deemed essential for evaluating the influence of NZVI on
the mass depletion rate. Further modeling studies also showed
that even if much higher dechlorination reaction rates were
achieved by more NZVI emplacement or faster reacting parti-
cles, there is a limit to the maximum possible acceleration of
the DNAPLmass removal rate, which resultswhen the contam-
inant (PCE) is dechlorinated significantly faster than it can dis-
solve. For groundwater flow velocities of 9.4 cm/day and
81 cm/day the maximum acceleration of the removal rate
was predicted to be 25–35% occurring at up to 1000 times the
dechlorination rate in our experiments. For the type NZVI used
(RNIP, by Toda, Japan) such high rates are, however, clearly
not realistic as we already emplaced 10 g NZVI per liter pore
space (2.2 g/kg dry soil).

The main implication is that NZVI emplaced in the source
zone may have limited capability of speeding up DNAPL mass
depletion. While perhaps less attractive than source removal,
an alternative strategy when using NZVI for remediation of
DNAPL contaminated sites may be to instead or additionally
emplace NZVI in a capture zone at the down-gradient end
of the source zone as a permeable reactive barrier, as NZVI
can effectively degrade chlorinated organics once they are
dissolved in the aqueous phase. However, to make this ap-
proach cost effective the selectivity of NZVI toward the com-
pound of interest will likely need to be improved such that
the reactive lifetime of NZVI is increased. In addition, as the dis-
solved concentration decreases as the plumemoves away from
the source zone due to advection and dispersion, the “optimal”
locationwhere theNZVI has to be placed to getmaximummass

a) Experiment 1

b) Experiment 2

Fig. 12. Modeled spatial distribution of total byproducts that have partitioned into the DNAPL at the end of the experiments, expressed as Log10 of their mole
fraction in the non-aqueous phase.
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removal efficiencyhas to bedetermined using better character-
ization methods. We also conclude that the groundwater flow
velocity which determines the residence time available for dis-
solved contaminants to be degraded in the NZVI emplacement
zone as well as the DNAPL source characteristics which influ-
ence the mass transfer are important parameters to consider
in the design of NZVI remediation systems.

A model to estimate an upper bound for the partitioning of
dechlorination byproducts back into theDNAPLwas formulated
and implemented in the numerical simulator. While this parti-
tioning could not be quantitatively predicted, themodeled spa-
tial pattern indicates that the distribution of byproducts in the
DNAPL will be strongly skewed towards the down-gradient
end of the DNAPL zone, where byproducts can potentially accu-
mulate. Over longer remediation time periods than those of
our experiments, the effects of this on the mobility of the
down-gradient end of a DNAPL pool are not known. Lastly,
we note that the deposition and non-uniform distribution
of NZVI that is emplaced in a real heterogeneous porous me-
dium using available injection technology may impact the
contact between NZVI and dissolved contaminants, and there-
by these processes may also impact the dechlorination rate.
Further research is needed to address the influence of NZVI de-
livery strategies on particle deposition and subsequent effects
on groundwater flow patterns and the dechlorination efficiency
of the emplaced NZVI.
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